, respectively, in 2010. Reasons for the increases in oysters and A. modestus are related to climate change which favored strong recruitment of the invasive species during unseasonably warm summers, and the subsequent decline to weak recruitment of the invasive species and an unseasonably cold 2009/2010 winter. We used ecological network analysis (ENA) to quantify ecosystem structure and function through analyses of energy (or carbon) transfer between living and non-living compartments in each of the 3 network models. Results from ENA show an increase in most of the system attributes, but a decline in number of cycles, the trophic efficiency, the ascendency ratios, and relative redundancy from 1995 to 2007; these are ascribed to the impact of the invasive species on system organization and function. Following the dramatic decline of the invasive species from 2007 to 2010 most of the system attributes decreased. The variance in the biomass and associated flows of other compartments in addition to that of the invasive species has also played a role in the changes in system attributes and function.
INTRODUCTION
It is generally accepted that marine ecosystems are not constant but change over time due to their natural variability (e.g. seasons), fluctuating environmental conditions, loss/gain of biodiversity, and anthropogenic inputs (e.g. nutrient loading, pollution). A system may switch from one state to an alternate state under certain conditions, and may switch back to the previous one, a phenomenon known as 'hysteresis' (Scheffer et al. 2001 , Baird 2011 . Shifts between alternate stable states have been observed in lakes (Scheffer et al. 1997 , Carpenter et al. 1999 and coral reefs (Done 1992 , Knowlton 1992 , McCook 1999 , while oceanic regime shifts of large ecosystems are reported by Hare & Mantus (2000) in the North Pacific Ocean and by Shannon et al. (2004) in the southern Benguela upwelling ecosystem. Very often a shift from one state to another is not permanent, so that an ecosystem can shuttle between 2 alternate states. Systems often exhibit different features (in terms of structure and function) between months, seasons, years, and decades (cf. Baird 2011 and references therein), and, whereas these shifts do not necessarily result in alternate stable states, they can revert back to their approximate original state at the beginning of the following time cycle (e.g. seasons, years).
The invasion of alien species in an area or ecosystem where it previously did not occur appears to be a rather common phenomenon globally (Crooks 2002) . Invasive species can differ from endemic ones in the use of resources (nutrients, food, space) thus altering energy flow pathways and biomass ratios in food webs of the system (Mack et al. 2000 , Baxter et al. 2004 ), while they are also capable of changing the physical structure of the ecosystem itself (Vitousek et al. 1987 , Nehls et al. 2006 . Furthermore, species invasions in marine systems can have major effects on the structure and functioning of ecosystems (Vitousek et al. 1987 , Crooks 2001 , Grosholz 2002 , Stachowicz & Byrnes 2006 , Büttger et al. 2008 ). Although there are numerous reports on the impact of invasive species on ecosystems, few have examined these perceived changes at the ecosystem level in a quantified manner. Miehls et al. (2009) provided an extensive analysis of the impact of the zebra mussel Dreissena polymorpha on the functioning of the Lake Oneida ecosystem, New York, USA, using ecological network analysis (ENA), while Nicholls et al. (2011) observed biological regime shifts in the Bay of Quinte ecosystem (Lake Ontario) in 1995 shortly after the establishment of invasive dreisssenid mussels. Baird (2011) analyzed quantitative food webs of the mussel beds in the Sylt-Rømø Bight by means of ENA to assess the impact of a decline in native suspension feeders (i.e. prey of birds) due to the spread of invasive species, such as the Pacific oyster Crassostrea gigas, on their predators at higher trophic levels. Simulation modeling indicated a decline in bird numbers following the decline in prey abundance due to oyster invasion. Ecosystems may thus undergo state changes when invasive species impact the structure and function of the system. Reise et al. (1998) reported that approximately 80 non-indigenous species have been introduced in the coastal areas of the North Sea with most of them arriving during the 1970s. Their introduction was mainly through ballast water in transoceanic shipping and aquaculture. It was suggested that the invasive species were rather additive than causing displacements or extinctions of native species (Reise et al. 1998) , and may not necessarily have strong direct effects on the functioning of recipient ecosystems (Reise et al. 2006) . Global warming has been shown to be an important vector enhancing invasions of new species in the Wadden Sea, since most of them originate from warmer oceanic and coastal regions than that of the North Sea (Reise & van Beusekom 2008) . Since the present paper deals mainly with the intertidal ecosystem of the Sylt-Rømø Bight (also called the List Tidal Basin) references to invasive species and ecosystem attributes focus on this region of the bight.
Evidence for an increase in water temperature in the Sylt-Rømø Bight in the northern Wadden Sea is given by Martens & van Beusekom (2008) where an annual increase of 0.134°C yr −1 between 1984 and 2005 has been recorded. Of the introduced species in Wadden Sea ecosystems, the Pacific oyster Crassostrea gigas and the subtidal slipper limpet Crepidula fornicata appear to have been most successful (Nehls et al. 2006) . The development and spread of the C. gigas population in the northern Wadden Sea, including the bight, was probably facilitated by oyster cultures off the island of Sylt where oyster farms started their business in 1986, and from where larvae dispersed to settle as epibionts on dense intertidal mussel beds where the blue mussel Mytilus edulis occurs in abundance (Diederich et al. 2005) . Reise (1998) reported successful reproduction of oysters with strong spatfalls in 1991 and 1994, and the rapid invasion of C. gigas into the German Wadden Sea through larval supply and dispersion (Brandt et al. 2008) . High water temperatures during 3 successive summer spawning seasons and mild winters from 2001 to 2003 resulted in successful recruitment, resulting in a massive in crease in the oyster population and overgrowth of native (M. edulis) mussel beds (Diederich 2006 , Kochmann et al. 2008 . On the other hand, M. edulis recruitment repeatedly failed, most probably be cause of higher water temperatures (Kochmann et al. 2008) , resulting in a decrease in mussel bed area (Büttger et al. 2008) and in biomass by approximately 60% between 1998 and 2010 (Büttger et al. 2010 . Further significant changes in the intertidal flats of the North Frisian Wadden Sea are a 3-to 4-fold increase in the seagrass bed area (of Zostera spp.) from 1994 to 2006 (Reise & Kohlus 2008) , a concomitant in crease of macrophytes in the bight, and a decrease of the macroalgal Fucus vesiculosus cover of mussel beds to about 10% in 2005 of its highest recorded cover of 95% in 1999 (Büttger et al. 2008) .
The primary objective of the present study is to assess the impact of 2 invasive species (the Pacific oyster Crassostrea gigas and the antipodean cirripede crustacean Austrominius modestus) on the structure and function of the entire intertidal region of the Sylt-Rømø Bight ecosystem. We also consider the decline of prey species such as the blue mussel, the increase in seagrass beds, and temporal changes in the abundance of other native species and communities. To this end 3 quantified network models with carbon (a surrogate for energy) were constructed to represent 3 different time periods of the Sylt-Rømø Bight, respectively, and analyzed using ENA protocols which were developed to holistically assess the complex interactions within an ecosystem (see Fath et al. 2007 and references therein), and which clarify the complex relationships in food webs. The first model represents data collected during the period 1990 to 1995 when invasive species abundance was very low. The second model is based on the data of 2007 when oyster and A. modestus abundance reached its peak, while the third model examines the system after the significant decline in oyster and A. modestus abundance and biomass in 2010. The last 2 models also take into account other structural changes such as the increase in seagrass beds, de clines in the blue mussel, Fucus vesisiculosus cover, and changes in the abundance of other species and communities in the bight. The output results from network analysis were then used to assess changes in the functioning of the bight ecosystem over time.
The theoretical foundations and the basic concepts of ENA have been adequately described by, for example, Ulanowicz (1986 Ulanowicz ( , 2004 , Wulff et al. (1989) , Fath & Patten (1999) , Fath et al. (2004) , Jørgensen & Fath (2004) , while Christian et al. (2005) discussed the role of ENA in the comparative ecology of coastal ecosystems. The software that can run these analyses is readily available (Ulanowicz & Kay 1991 , Christensen & Pauly 1992 , Allesina & Bondavalli 2004 , Fath & Borret 2006 , and can be downloaded from www. glerl. noaa.gov/EcoNetwrk/.
MATERIALS AND METHODS

Study site
The Sylt-Rømø Bight (54°52' to 55°10' N, and 8°20' to 8°40' E), also known as the List Tidal Basin, is a semi-enclosed basin between the islands of Sylt, Germany, and Rømø, Denmark, and is connected to the North Sea by a 2.8 km wide channel (the Lister Tief) between the 2 islands as shown in Fig. 1 The intertidal area is indicated in stippled grey from −1°C in winter (October to March) to about 20°C in summer (April to September), while the salinity fluctuates between 28 and 32. Little freshwater with a minimal nutrient load is discharged into the bight so that salinity variability is mainly due to precipi tation and evaporation. The diurnal tidal prism for the bight is about 550 × 10 6 m 3 , the water residence time in the bight is between 19 and 29 d, while be tween 8 and 12% of the bight waters is exchanged per tidal cycle with the contiguous Wadden Sea through the Lister Tief channel (Fast et al. 1999) . The tidal prism for the intertidal is approximately 66 × 10 6 m 3 for the intertidal area (calculated after Gätje & Reise 1998) .
Different plant and animal communities are associated with different habitat types occurring in the intertidal reach of the bight, while the remaining subtidal area of about 268 km 2 consists mainly of a sandy substrate. The intertidal region consists of 8 habitat types (or sub-ecosystems); these are identified according to the dominant plant and faunal communities and by their characteristic habitat substrate. The characteristics of the habitat types and their trophic and biogeochemical dynamics have been described in detail by Baird et al. (2007 Baird et al. ( , 2011 based on data collected during the early to mid-1990s. The different subsystems are named according to either the dominant species such as mussel beds, Arenicola flats where the lugworm Arenicola marina predominates, the dwarf seagrass Zostera noltii as the dominant macrophytic species in the seagrass beds, or by typical substrate types (e.g. mud flats, muddy-sand flats, sandy shoals, and sandy beaches). The area each covers has changed over time due to the rapid increase of oysters on the mussel beds and the expansion of seagrass beds (see Table 1 ). The intertidal region is semi-diurnally inundated by tidal waters which import suspended material, such as organic particulates and phytoplankton, and dissolved material, with the flood tide, while ebb tides remove dissolved substances and resuspended particulate material (De Jonge & van Beusekom 1995) . Energy and material is exchanged between the overlying waters and the intertidal communities (e.g. suspension feeders). Changes in species biomass in the different subsystems and of the bight as a whole were obtained from published information, monitoring reports, and unpublished data deposited at the Alfred Wegener Institute for Polar and Marine Research (AWI). The standing stocks of the living and non-living compartments (and compartment number) of each model representing the 3 time periods are given (see Table 2 ).
Model construction
Three network models of the whole of the intertidal bight were constructed for 3 different time periods. The first one (SRB1) consists of 59 compartments, depicting the standing stocks of 56 living and 3 nonliving compartments, and the flows between them. The data contained in this model have been assembled during the years 1994 and 1995 and analyzed by means of ENA (cf. Baird et al. 2004a ). This network was not changed from its original structure and format, with the exception of an adjustment of the zooplankton compartment to incorporate more realistic biomass data obtained from Martens (2007a) for that period, which re sul ted in minor changes in system attributes in the SRB1. In subsequent papers, Baird et al. (2007 Baird et al. ( , 2011 discus sed the trophic and biogeochemical dynamics of the 8 subsystems of the intertidal bight they identified. Reference to these subsystems is made because changes in the biodiversity, biomass of the different compartments, and areal extent have occurred in virtually all of them and thus had an impact on the bight as a whole. During subsequent years the mussel beds were invaded by the Pacific oyster Cras sostrea gigas and the Australasian balanoid Austrominius modestus, while the abundance, biomass, and spatial extent of several other compartments of the ecosystem chan ged. Oyster biomass reached a peak in 2007 (Büttger et al. 2010) , and a second model (SRB2) based on 2007 data was constructed to include 2 in vasive species (C. gigas and A. modestus), and 2 native balanoid species (Semibalanus balanoides and Balanus crenatus), the biomasses of which have increased significantly since the early 1990s . Chan ges in other compartments of the food web were also incorporated such as the decline in blue mussel Mytilus edulis biomass (Büttger at al. 2010 ) and the dramatic increase in seagrass area (Reise & Kohlus 2008) and its standing stocks in the bight. SRB2 thus consisted of 63 compartments, while the model topology was maintained for comparison with SRB1. Oyster and A. modestus biomass declined dramatically from 2007 to 2010, and a third model (SRB3) was sub sequently constructed to assess pos sible changes in ecosystem function at reduced oyster and A. modestus abundance, also consisting of 63 compartments representing the status of the system during 2010. None of the standing stocks, the diet of the various heterotrophs, or the rates of flow between the compartments in the bight were derived from modeling estimates, but are based entirely on empirical data and results presented in the numerous publications and data sources cited in the text. Details of the construction of the SRB1 model are given in Baird et al. (2004a) , and the same energetic ratios (such as the C/B [consumption/biomass], P/B [production/biomass], and R/B [respiration/biomass] ratios) as in Baird et al. (2004a Baird et al. ( , 2007 Baird et al. ( , 2008 Baird et al. ( , 2011 were used in the construction of the 2 subsequent models (SRB2 & 3).
Each living compartment identified in each of the 3 networks was balanced in terms of energy uptake and dissipation (or respiration), growth, and egestion (in the case of heterotrophs). Energy budgets were determined for each of the 3 auto-and 56 (SRB1) and 60 (SRB2 & 3) heterotrophic compartments identified in the bight ecosystem. For primary producers (phyto plankton, microphytobenthos, and macrophytes; main ly Fucus vesisiculosus in SRB1 and Zostera noltii in SRB2 & 3) gross primary productivity (GPP) was assumed equal to the sum of net primary production (NPP), and respiration, and the values of GPP were considered as inputs into the system. This information is given in Baird et al. (2004a) for SRB1, while new biomass, production, and respiration values of the autotrophic compartments for 2007 and 2010 were, respectively, obtained from unpublished information generated by the AWI. The generalized energy budget was applied to all the heterotrophic compartments listed in Table 2 , where energy uptake (or consumption, C) equals respiration (R) + excretion (E) + secondary production (P). Rates of consumption, respiration, and production were based on the data given in Baird et al. (2004a Baird et al. ( , 2007 . Zooplankton biomass for the flow models was ob tained from Martens (2007a Martens ( , 2010a Martens ( , 2011 , and biomass values for the common goby from M. Pockberger (pers. comm. AWI). The determination and literature sources of the energetics of most of the plant and animal species and communities oc curring in the bight are given in detail by Baird et al. (2004a Baird et al. ( , 2007 .
During the intervening years (1995 to 2010) regular monitoring and sampling of most of the compartments contained in the 1995 model (SRB1) were conducted by staff and students associated with the coastal ecosystems programme of the AWI Wattenmeer Station in List, Sylt, and through the Trilateral Monitoring and Assessment Program (TMAP). Changes in the standing stocks and energy budget parameters over the years were incorporated, respectively, in the SRB2 and SRB3 models for the reasons mentioned above. These changes are re flected in the biomass of the various compartments presented in Table 2 . Two of the most striking changes since 1995 were the dramatic increase in oyster number and biomass and in the areal extent and standing stocks of seagrass plants. Oyster abundance on the mussel beds is regularly monitored (cf. Büttger et al. 2010) , and numbers were converted to carbon standing stock in the entire bight by multiplying the carbon biomass per square meter by the mussel/oyster bed area (1.29 and 1.35 km 2 in 2007 and 2010, respectively), divi ded by the total intertidal area of 135 km 2 . Oysters are non-specific filter feeders, feeding mainly on phytoplankton and suspended parti culate organic carbon (POC) particles. Oyster energetics were derived from the ratios given by Baird & Ulanowicz (1989) and McLusky (1989) . The trend in oyster biomass from 2003 to 2010 is illustrated in Fig. 2 .
As species and communities do not occur in all of the subsystems identified in the bight, nor at the same levels of abundance if they do occur in >1 subsystem (Baird et al. 2007 ), the biomass of each compartment in the intertidal bight was weighted according to the area in which it occurred. Furthermore, the areal extent of each habitat has not remained constant over the past 15 yr. For example, although the abundance of mussels on mussel beds declined since 1995 (Büttger et al. 2010) , the size of the mussel beds increased from 0. Each of the models was assumed to represent a steady-state condition in the sense that the inputs (GPP or C) in each of the living compartments of the networks were balanced by corresponding outputs (i.e. R and NPP for autotrophs and E + R + P for hetero throphs). This assumption implies that the ecosystem as a whole also occurs in a steady-state and assumes the underlying principle of the conservation of mass, namely that total inputs are balan ced by total outputs. The mass-balancing of trophic networks, however, has limitations and weaknesses (Menge 1995 , Baird et al. 2004b ), while Baird et al. (2009) commented on the consequences of the balancing of networks on the properties derived from ENA. Here we present results from network analysis based on the steady states of 3 models. Phytoplankton production in intertidal waters (247, 220, and 323 mgC m 1995, 2007, and 2010, respectively) was insufficient to satisfy consumer demand, and the shortfall was imported from the adjacent coastal North Sea , where the mean production is on the order of 1178 mgC m −2 d −1 (Rick et al. 2006 ). Excess production and egestion by water-column free-living bacteria, and zooplankton excretion, were assumed to remain in suspension as POC, while short falls in suspended POC were also imported from the adjacent Wadden Sea where its concentration is higher than over the intertidal area. Excretory products of benthic invertebrates, fish, and birds, and all unutilised production of the benthos, were assumed to become sediment detritus (sediment POC) which was considered as the energy source for benthic bacteria, while excess sediment detritus was considered an export from the system where water movements are known to remove ex cess material (Asmus & Asmus 1998) . Where predator demand exceeds prey production we assumed that predators will feed off the remaining biomass, or switch to other prey, and we thus did not 'import' additional prey biomass in order to balance those specific living compartments, namely Nos. 9, 13, 14, and 19 (Table 2) , the production of which was lower than predator demand. Bird production and excess fish production were exported from the system. An aggregate layout of the flow models is shown in Fig. 3 .
Ecological network analysis
Input data for network analysis require information on the standing stock of each compartment and the flows between them within the ecosystem, as well as imports to and exports from the system. These input data files are available in an online supplement at www.int-res.com/articles/suppl/m462p143_supp/. The data are cast in the conventional SCOR format, and the routine (NETWRK4.2a) that performs the analysis of the input data and supporting documentation can be downloaded from www.cbl.umces. edu/ ulan/ntwk/ netwrk.html. The output from network analysis provides many useful indices and system properties of natural ecosystems, and relevant information on the interpretation of energy and nutrient flows, how these affect the structure of the ecosystem, and how one may wish to direct management or monitoring actions for the conservation or rehabilitation of biodiversity and ecosystem function (Christian & Thomas 2003) . Output from network analysis was used to assess changes over time of the Sylt-Rømø Bight and on the trophic dynamics of the ecosystem.
Input-output analysis measures the importance of the direct or indirect effect of any particular transformation or flow on any other compartment (or species) (Hannon 1973 , Szyrmer & Ulanowicz 1987 ). This analysis includes a routine called IMPACTS that quantifies the relative direct or indirect impact (or effect) that any one compartment can have on any other in the flow network (Ulanowicz & Puccia 1990 ). We applied the IMPACTS routine to the SRB2 model to assess the impact of oysters when it was at its highest abundance in the intertidal bight, and thus provided a snapshot of trophic effects the oyster may have had on any of the other compartments in the food web.
The Lindeman trophic aggregation routine transforms each complex network of trophic transfers into a linear food chain with discrete trophic levels (i.e. the Lindeman Spine). The Lindeman Spine illustrates the amount of material or energy that each level receives from the preceding one, as well as the fraction lost from each level through respiration and export, and the net production passed on to the next higher level. It also shows the pool of recycled detrital material, which, together with the inputs to the autotrophs, forms the first trophic level. The Lindeman Spine allows the calculation of the efficiency of trophic transfer for each level, as well as at the whole-system level, which can be derived from the logarithmic mean of the efficiencies of each integer trophic level (Baird & Ulanowicz 1989 ). We used the trophic level analysis to create Lindeman Spines for each time period to assess changes in flow efficiency over time.
The biogeochemical cycle routine of NETWRK assesses the structure and magnitude of the cycling of material in the system (Finn 1976 ). The cycle distribution gives the amount of material that flows through cycles of various lengths, where a cycle represents a series of transfers between compartments beginning and ending in the same compartment without going through the same compartment twice (Baird et al. 2004a ). The Finn cycling index (or FCI) is derived from the fraction of the sum of flows that is devoted to cycling, and is equal to Tc/TST, where Tc is the amount recycled and TST (total systems throughput) is the sum of all flows in the ecosystem. The FCI is an index of the retentiveness of the system (Baird & Ulanowicz 1989 , Baird et al. 2004b .
The average path length (APL) is a system descriptor that measures the average number of compartments that a unit of C (or energy, or material) passes through from its entry into the system until it leaves.
The APL is defined by (TST − Z)/Z, where Z equals the sum of all exogenous inputs (Kay et al. 1989 ). The average residence time (ART) of material or energy in the system is the ratio between the total system biomass and the sum of all outputs (respiration and exports) for C (Christensen 1995) .
Various global system indices, based on information theory, describe the developmental and organizational state of the ecosystem (Ulanowicz 1986 (Ulanowicz , 2004 . The TST measures the extent of the total activity of the system, and is calculated as the sum of all the flows through all compartments, and relates to the size of the system. The system ascendency (A), which is a single measure of the magnitude and diversity of flows between compartments, reflects on 9,10,11, 12,16,17 13,15,19,20,21 23,24,57,58,59,60 30,31,32,33,34,35,36,37 38,39,40,41,42,43,44,45, 46,47,48,49,50,51 52,53,54 6,7 14,18,22,25,26, 27,28,29 Table 2 . Numbers in brackets for the dissolved organic carbon (DOC), suspended particulate organic carbon (POC), and sediment POC pools refer to the compartment numbers of the 1995 model (Baird et al. 2004a) . Numbers in bold refer to the 4 new compartments added to the suspension feeder guild and are 57 (oysters), 58 (Semibalanus), 59 (Balanus), and 60 (Austrominius) (adapted from Baird et al. 2004a) . Thick black lines indicate major energy flow pathways. Orange circles indicate non-living compartments, green bullet shaped ones primary producers, yellow hexagons the bacterial compartments, blue ones the invertebrate benthic compartments, and pink ones vertebrate communities (adapted from Baird et al. 2004a) the functional attributes of the system. It incorporates both the size and organization of flows into a single index, and is formally expressed as the product of TST and the average mutual information (AMI) inherent in the flow network. Complex trophic structure and high system productivity enhance A. AMI, an information theoretic index (A/TST, or normalized ascendency), is a useful index of the organization inherent in a system and indicative of the developmental status of the ecosystem and thus of its inherent organization, i.e. the degree of specialization of flows in the network (Ulanowicz 2004) . A high AMI value is found when the food web has the features of a food chain where the flow is unidirectional and predictable, whereas a low AMI value indicates that all, or most, of the compartments are connected to each other and a unit of energy leaving one has the probability to be consumed by others with equal probability (Miehls et al. 2009 ). The development capacity (DC) is the product of TST and the flow diversity. It measures the potential for a system to develop and is the natural upper limit of A. The total system overheads (i.e. overheads on imports, exports, and dissipation) and redundancy (R, i.e. a measure of the uncertainty associated with the presence of multiple or parallel pathways among the compartments of the network (Kay et al. 1989 , Ulanowicz & Norden 1990 are numerically represented by the difference DC − A, and represent that fraction of the DC that does not appear to be organized structure (Bodini & Bondavalli 2002) . The magnitudes of the imports and exports reflect on the self-reliance of a system, i.e. the higher these values, the more dependent the system becomes on external exchanges. A system with low redundancy is considered to be susceptible to external perturbations, which may impact the trophic interactions between system compartments. Parallel pathways of energy and material transfers on the other hand, can act as a buffer or reserve should external perturbations or changes in biodiversity occur. It is postulated that a sustainable system requires a balance between A and R, for should a perturbation occur, the system can draw from the overhead to keep it in operation (Ulanowicz 1986 , Baird et al. 1991 . Internal ascendency (A i ) and internal developmental capacity (DC i ) are functions of internal exchanges alone, and thus exclude exogenous transfers. The ratios A/DC and A i /DC i have been used to compare the organizational status of ecosystems on temporal (Baird & Ulanowicz 1989 , Baird & Heymans 1996 , 2004b , Miehls et al. 2009 ) and spatial (Baird et al. 1991 , Baird & Ulanowicz 1993 , Baird 1998 , Baird et al. 2007 ) scales. The magnitudes of various attributes, particularly the DC, A, overheads, and R, are strongly influenced by the TST (cf. Ulanowicz 2004) . By dividing theses capacities (DC, A, and overheads) by TST, the resultant normalized values are scaled to eliminate the singular effect of TST (cf. Baird & Ulanowicz 1989 . DC, A, and R are expressed as 'bits' which refers to the log 2 used in the algorithms to calculate these quantities. Flow diversity, defined as DC/TST (or normalized DC), measures both the number of interactions and the evenness of flows in the food web, and is thus a much more dynamic concept than species diversity interactions and a lower degree of unevenness and variability in the flow structure (Baird et al. 2004b ). The effective number of connections between compartments is given by 3 connectance indices, and is derived from the log-averaged number of links calculated from the systems overhead. The overall connectance includes the effect of external transfers; the internal connectance index characterizes only internal exchanges, whereas the food web connectance index refers only to transfers among the living compartments in the system (Ulanowicz 2004) .
RESULTS
General system characteristics
The general system attributes of the intertidal bight are given in Table 1 . (Table 1) . Reise & Kohlus (2008) are of the opinion that the main cause for the in crease in seagrass area in the northern Wadden Sea is due to a decrease in the frequency and magnitude of episodic storm surges which resulted in a decrease in sediment mobility and that (Table 2) . Subsequently, the proportion of seagrass biomass to that of the entire intertidal area increased from 8% in 1995, to 19% in 2007 and to 33% in 2010 (Table 1) . Secondly, a dramatic increase has taken place since 2002 in the abundance and biomass of 2 invasive species namely the Pacific oyster Crassostrea gigas (Büttger et al. 2010 ) and the balanoid Austrominius modestus (Table 1 ). The biomass of these 2 invasive species constituted about 27% of the system's total biomass in 2007, but only 1.3% in 2010 (Table 1) (Büttger et al. 2011 ). Indeed, the decrease in bivalve larvae since 2007 (Table 3) gives a crude hint that low recruitment and spat fall could well have been the cause of oyster decline from 2007 to 2010 (Fig. 2) . The biomass of the blue mussel Mytilus edulis on the mussel beds declined by about 60% between 1998 and 2010 (Büttger et al. 2010 ), which Nehls et al. (2006) ascribed to failed recruitment/spat fall due to mild winters and the resultant synchronized settling of mussel spat and their main predators such as crabs. The areal extent of the mussel−oyster beds never theless increased (Table 1) due to oyster settlement and growth (Büttger et al. 2010) .
Apart from the increases of seagrass and the biomass of invasive species, the collective biomass of all the other living compartments increased only marginally over the years, namely by about 4% from 1995 to 2007, and by approximately 3% from 2007 to 2010 (Table 1) . Some of the species listed in Table 2 show variable fluctuations in biomass, some in creased, while others decreased in abundance over the past 15 yr. The average daily P/B ratios (or turn over ratio), given in Table 1 , are considered to provide an index reflecting that the functional and trophic activities of ecosystems (Christensen 1995) declined from 1995 to 2007, when it was calculated at the lowest of the 3 periods, and during a time when the 2 invasive species were present in high abundance. When both of these decreased, the P/B ratio increased again by about 36% from 2007 to 2010; this ratio was nevertheless higher in 1995 than in the other 2 time stanzas.
Network analysis
The carbon flow networks of the 3 models were cast into the simpli fied Lindeman Spines, illustrated in Fig. 4 . In the top panel of each model (Fig. 4a, c, e ) the detritus pool is separated from the primary producers and shows the relevant amounts of herbi vory and detrivory, as well as the returns from each trophic level to the detritus pool and the contribution of plants to the detritus pool. These figures also illustrate that about 56, 50, and 56% of the total energy passing from the 1st to the 2nd trophic level (TL) consists of recycled material of the SRB1, SRB2, and SRB3 models, respectively, and that approximately 92, 89, and 94% of detritus inputs into the respective detrital pools of the 3 models are derived from recycling within the system. Returns from each trophic level and the imports into the detrital pool, GPP (an energy input into TL I), the canonical exports, and respiration leaving each trophic level are also shown in Fig. 4 . When the detritus pool and the primary pro- ducers are combined in the first trophic level, the inputs and outputs from that level show the total amount of energy passed on to the second level in Fig. 4b,d ,f. Roman numerals identify each trophic level, and the percentage of carbon received from the previous lower TL to the next higher TL is indicated in the trophic level boxes of each model. Eight trophic levels were identified in each model, although only miniscule amounts (< 0.0005% on average of the initial inputs at level I) were transferred from the fifth to higher TLs so that any effective measure of trophic transfer would hardly be affected by the higher levels. In all 3 models, the efficiency of transfer of the third level is lower than that of TL IV and V which can be ascribed to the relatively high returns of cycled material to the detrital pool from that level (74% on average for the 3 models). The mean trophic efficiencies (i.e. the efficiency by which energy is transferred within the system) calculated over the first 5 trophic levels of the SRB1, SRB2, and SRB3 models are, respectively, 5.47, 4.82, and 5.91%; a notable decline was seen in the 2007 model by about 12% compared the 1995 model, but was followed by an increase of nearly 23% in 2010 after the decrease in oyster and Austrominius modestus abundance (Table 4) . The APL and the ART are indices which also reflect on the trophic function of an ecosystem. The APL declined from 1995 to 2007 by 4%, but then increased marginally in the 2010 model, implying that most of the energy was transferred over fewer steps during 2007 than during 1995 and 2010 (Table 4) . The ART increased from 1995 to 2007 by about 40%, but declined by 8% in the 2010 model; the ART in general increased over the years with material and energy remaining in the system for longer time periods ( Table 4) . The structure and magnitude of cycling has also changed since 1995 in the bight. The number of cycles decreased from 1197 in 1995 to 691 in 2007, but increased again to 737 from 2007 to 2010. Despite a decrease in cycle number, the FCI nevertheless increased by 1.3% from 1995 to 2007, by 28% Table 4 . Global system indices and attributes derived from network analysis of the Sylt-Rømø Bight representing models (SRB1, SRB2, SRB3) over 3 different time periods. All abbreviations given in 'Ecological network analysis' in 'Materials and methods' from 2007 to 2010, and by 30% from 1995 to 2010, indicating that the system has become more retentative over the years. The overhead on imports increased by about 40% from 1995 to 2007, which can be ascribed to the greater consumption of phytoplankton, imported by tides, to satisfy the demand by suspension feeders such as the oyster. IMPACTS analysis performed on the SRB2 model shows that the oyster has negative as well as positive effects on virtually all the system compartments. The oyster has positive impacts particularly on the benthic detritus feeders, benthic omnivores, sediment bacteria, and indirectly on zooplankton and some benthic feeding fish. Its negative impacts, which are quantitatively greater than the positive effects, are mainly on other suspension feeders that compete for the same energy sources such as phytoplankton and suspended POC (Fig. 5, also see Fig. 3 ). Positive effects of the oyster are again on those compartments which are dependent to some degree on sediment energy sources such as detritus, bacteria, and meiobenthos. The large amount of egesta by oysters most probably benefits those communities.
Results from ENA on the various metrics and ratios of each model are given in Table 4 . The coefficient of variance (CV) has been calculated for each of the attributes calculated from ENA to provide a measure of parameter variability of the system indices calculated for each model. The calculated CVs of the system attributes are illustrated in Fig. 6 , which clearly shows that the ratio-based indices have much lower CV values (< 5%), whereas those for the trophic structure and information metrics are much higher. The low variability of the ratio-based indices of all 3 models indicates that they are the most robust to parameter uncertainty and most useful for ecosystem assessment and comparative ecosystem analysis (Kaufman & Borrett 2010 , Baird et al. 2011 . The high CVs for the information metrics in all 3 models illustrate the variability and differences in system activity, developmental, and organizational status of each. and R, and trophic indices (trophic efficiency, FCI) are thus not directly comparable due to the high variability between them, whereas the low CVs of the ratios (relative ascendency, AMI, relative internal ascendency, relative internal redundancy, flow diver sity, and food web connectance) are. Close scrutiny of the per cent change between SRB1 (1995) and SRB2 (2007) of the various indices, metrics, and ratios (third column with % change values; Table 4) shows that most of them increased (positive sign) by various magnitudes. A few important system indices, however, declined (negative sign, bold). The trophic efficiency of the system decreased by 12%, the APL by 4%, the 2 relative ascendency ratios by 7 and 3%, respectively, while the AMI remained constant. These data are considered to be good indices of the system's inherent organization, and their decline from 1995 to 2007 would indicate a less organized system in 2007. On the other hand, an increase in the flow diversity indicates an increase in interactions and a lower degree of unevenness and variability in the flow structure, while all the connectance indices also increased. The normalized redundancy ratios also increased by 7% so that the 'strength in reserve' increased marginally as the invasive species increased in abundance. A rather mixed bag of results, but nevertheless some indication that the bight ecosystem has changed and was by 2007 in a less organized state than during earlier years. The negative changes from 1995 (i.e. a decline in system properties), when invasive species were virtually absent from the bight, to 2007, when invasive species were highly abundant, are remarkably evident in only a few of the metrics and ratios. All observations, however, point to the impact of the invasive species as largely responsible for the decline in the few important indices mentioned above. On the other hand, virtually all metrics and attributes decreased after the dramatic decline in oyster and Austrominius modestus biomass from 2007 to 2010 (Table 4 ; percent change SRB2 to SRB3 column). Only the P/B ratio (Table 1) , the trophic efficiency index, the FCI, the APL, overhead on exports, the relative internal ascendency, and the internalized AMI increased. The relative and internal ascendencies, AMI, flow diversity, relative and normalized redundancies, and connectance indices, all declined from 2007 to 2010. The changes between 1995 and 2010 were all positive with the exception of the APL, the relative ascendancies, the AMI, and the relative redundancy (Table 4 ; percent change SRB1 to SRB3). Since calculations of the ecosystem indices discussed above are based on log-scaled measures (Ulanowicz 1986 ), small percentage changes reflect much larger disparities, and hence larger ecological changes (Baird & Ulanowicz 1993) . 
DISCUSSION
Several studies have reported on the impact of invasive species on ecosystem function. In one of the few detailed analyses of the impact of invasive species on ecosystem structure and function, Miehls et al. (2009) concluded that the invasive zebra mussel Dreissena polymorpha has had a far reaching impact on the food web of Lake Oneida, New York, USA. Their results are based on the application of network analysis to the Lake Oneida food web which represents a prezebra mussel invasion (1986 to 1991) and a postinvasion period (1992 to 2002) . The effects of zebra mussels included changes in the trophic flow efficiency, and alterations of the food web organization. Comparison of ENA results between Lake Oneida and the Sylt-Rømø Bight show that the 2 systems responded differently to invasive species. For example, the TST declined by 20% between the pre-and postinvasion of zebra mussel in Lake Oneida, whereas it increased by 19% in the bight from 1995 to 2007. Similarly, other metrics such as the A, DC, and ϕ declined in Lake Oneida, but increased in the bight. However, some of the ratio-based indices show similar trends in the 2 systems. For example, the relative ascendency ratio (A/DC) decreased by 3.4% in Lake Oneida, and by 6.7% in the bight, the AMI (A/TST) increased from pre-to post-invasion by 8%, whereas no changes for this index were observed for AMI in the bight, while the flow diversity (DC/TST) increased by 2.6% in Lake Oneida and by 7.3% in the bight between the pre-and post-invasion time stanzas. A large difference exists in ϕ (i.e. when the sum of the overheads is scaled by TST) between the 2 systems: it declined by 2.8% in Lake Oneida, whereas it increased by 17% in the bight, clearly illustrating a greater dependence on external connections in the bight than in Lake Oneida. Regime shifts were observed in phytoplankton, benthos, and fish shortly after the invasive mussels (Dreissena spp.) became established in the Bay of Quinte eco system (Lake Ontario) in 1993/1994 (Nichols et al. 2011) . The trophic efficiency declined by 12 and 65% in the bight and Lake Oneida, respectively, between the pre-and post-invasive time stanzas; a substantial decline in the transfer of energy between the trophic levels particularly in Lake Oneida. Regime shifts were also observed in phytoplankton, benthos and fish shortly after the invasive mussels (Dreissena spp.) became established in the Bay of Quinte eco system (Lake Ontario) in 1993 /1994 (Stewart & Haynes 1994 , Nichols et al. 2011 .
Species other than suspension feeders have been reported to alter community structure and possibly ecosystem function. Zaiko et al. (2011) assessed the impact of invasive species (such as polychaetes) in the Baltic Sea ecosystem using the bioinvasion impact/ biopollution assessment system, and conclu ded that the impacts of alien species are not uniform, but they nevertheless recorded that several invasive species have yielded moderate to high 'biopollution' indices in the major part of the Baltic Sea. Rock lobsters Jasus lalandii expanded their distribution along the southwest coast of South Africa in the early 1990s causing the virtual elimination of the sea urchin Parechinus angulosus through predation (Blamey et al. 2010) . The declines in herbivores (such as the sea urchin) by as much as 99% led to the increase in macroalgae and sessile invertebrates during the post-invasion period. Blamey et al. (2010) are of the opinion that the invasion by rock lobsters not only caused a regime shift in the ecosystem, but also had substantial economic consequences for the commercial exploitation of the abalone Haliotus midae, because its juveniles are intimately associated with the sea urchin. Invasions of alien species and their impact on ecosystem function are not restricted to animals. For example, Deudero et al. (2011) and Box et al. (2010) have reported on the impact on the commu nity and food web structure of seagrass beds of Posidonia oceanica when colonized by an alien macro alga, Caulerpa racemosa, in the western Mediterranean.
The establishment and growth of invasive species, the Pacific oyster Crassostrea gigas in particular, have undoubtedly changed the structure of existing mussel beds in the Sylt-Rømø Bight where oysters have formed dense layers and solid surfaces, turning former mussel beds into oyster reefs (Nehls et al. 2006) . This species has also impacted the functioning of mussel beds as an identifiable subsystem in the bight (Baird et al. 2007 , Baird 2011 ). Here we assessed the impact by means of system properties derived from ENA of the invasive species on the whole bight ecosystem. The Lindeman trophic analysis indicates that some of the relationships between the trophic levels between the 3 models have changed. The efficiency for TL I increased by 7% and at TL II by about 1% from 1995 (pre-invasion) to 2007 (high invasive biomass). The increase in efficiency at TL I is most probably due to a decrease in phytoplankton biomass (Table 2 ) and productivity and with more going into the grazing food chain while less is lost to the detritus pool, a phenomenon also observed by Miehls et al. (2009) in Lake Oneida. These dyna mics are illustrated in Fig. 4a,c Of interest is also the increase in the NPP efficiency, which is the fraction of NPP directly consumed by herbivores. This index increased from 57% in 1995 (Baird et al. 2004a ) to about 98% in 2007, and then declined again to 59% in 2010 (Table 1) . One reason for the high NPP efficiency in 2007 is the magnitude of oyster consumption of about 90% of the in situ phytoplankton production, while it was much lower in 2010 when oyster biomass was low. Invasive suspension feeders elsewhere have been noted, for example by Alpine & Cloern (1992) , who reported that the invasive clam Potamocorbula amurensis removed a considerable amount of phytoplankton from San Francisco Bay due to heavy grazing, while Miehls et al. (2009) also noted a negative influence of the suspension feeding zebra mussel in Lake Oneida on phyto-and zooplankton, likely due to direct consumption and to competition for phytoplankton, respectively. The detrivory:herbivory ratio in the bight, on the other hand, declined in 2007 when herb ivory exceeded detrivory (Table 1) , again due to the high rates of phytoplankton consumption by oysters. When oyster biomass declined to lower levels in 2010, detrivory increased proportionally. However, the use of detritus as a food source increased by 19% between the pre-invasion (1995) and post-invasion high-abundance (2007) time periods, and continued to rise by 8% from 2007 to 2010 (Fig. 4) .
The indices are considered to give some indication of system organization and function, measured by the decline in relative ascendency ratios and the AMI, while the normalized sum of the overheads (ϕ) increased after the growth of the invasive populations (Table 4) . These results concur with the general food web theory assumption that ascendency de creases, while the overhead increases following a perturbation (Ulanowicz 1996) . In 2007 these 2 invasive species accounted for 10% of the total throughput and 20% of the heterotrophic throughput, which is by all accounts large enough to have a significant impact on the ecosystem's function. By 2010 oyster and Austrominius modestus biomass have reduced dramatically, so that their collective throughput ac counted for only 0.3 and 0.5% of the total and heterotrophic throughputs, respectively. The trend in the decrease of the ascendency ratios and in the AMI, and the increase in the overheads are consistent through all 3 models, which would indicate that the invasive species had a negative impact on the flow of energy and organization of the bight ecosystem. However, the changes in these indices from 2007 to 2010 occurred during years when oyster and A. modestus abundance declined, so that these invasive species cannot logically be held solely responsible for the observed changes in system function and organization. Fluctuations in the dynamics of other species cannot be excluded in attempts to explain the functional changes in the bight over time, nor the possibility that the 'momentum' of the decline continued after the decrease in the abundance of the invasive species. The proliferation of oysters and A. modestus is, however, not the only ecological change since the 1995 model was developed. For example, the standing stock of the seagrass Zostera noltii in the intertidal region of the bight increased from 2960 mgC m −2 in 1995 to 17 282 mgC m −2 by 2010. Seagrass beds contribute to the function of tidal flats as an extended habitat for the juveniles of many species in the Wadden Sea, and seagrass beds are also considered to be indicators of ecosystem health (Polte et al. 2005 , Reise & Kohlus 2008 , thus a positive development from an ecological point of view. The biomass of benthic grazers (Hydrobia ulvae and Littorina littorea) and some benthic detritus feeders (Arenicola marina, Capitellidae, Oligochaeta) increased from 1995 to 2010. Some benthic omnivores (Phyllodocidae, Carcinus maenas) increased in biomass, while others in the same trophic guild (Nereis diversicolor, Gammarus spp., small crustaceans, Nepthys spp.) declined ( Table 2) . The blue mussel Mytilus edulis also de clin ed in biomass since 1995 (Table 2 ; Büttger et al. 2010) . The construction of extended oyster reef/mussel beds provides a complex structure of refugial interspaces for settlement and protection which can support a large variety of epibenthos (Grabowski 2004) . The interspaces in oyster reefs in the bight provide an alternative habitat for M. edulis where it is less exposed to predators and where it can exist at a reduced but more stable population size (Eschweiler& Christensen 2011), while the oyster reefs provide the habitat and refuge for a variety of infaunal and epifaunal species (Kochmann et al. 2008 , Büttger et al. 2008 ).
Although there is no question that invasive species have altered coastal aquatic ecosystems, evidence that alien species have caused the extinction of native species is limited, or that they necessarily pose a threat to species diversity (Gurevitch & Pa dil la 2004 , Reise et al. 2006 . The interplay between alien and native species in aquatic ecosystems is not easy to unravel considering the complexity of the coastal systems. Although the bight has undergone a shift in its state from 1995 to 2007 and again from 2007 to 2010, the alternate states are not necessarily 'stable'. The rather large changes in most of the system attributes (including ratio-based indices) from the SRB2 model to the SRB3 model would indicate that when invasive species are abundant and have a relatively large 'control' over energy flow in the system, the system is not necessarily more stable than before, but perhaps less fragile since most of the indices increased subsequent to invasion. When the invasive species become less abundant, it would appear that the system organization declines as evident from the decline in most of the indices. If these indices are considered important indicators of the system's development and organization, then the bight is now slightly worse off than 15 yr ago. In the present study the complexity and dynamics of the bight ecosystem is highlighted, while the analyses of the food web of the bight over time allowed a holistic understanding of the effect invasive species on this ecosystem. 
